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Abstract

Eighteen models with different levels of complexity for representing sorption, mass transfer, and biodegradation are used to sim-
ulate the biodegradation of toluene (primary substrate) and TCE (cometabolic substrate). The simulations are conducted for hypo-
thetical completely mixed systems of various scenarios with regard to sorbent, microbial composition, and solute concentrations.
The purpose of the suite of simulations is to investigate the sensitivity of different modeling approaches in simulating the bio-atten-
uation of co-existing solutes in sorbent-water systems. The sensitivity of results to the modeling approach depends on the biogeo-
chemical conditions of the system. For example, the results are insensitive to the type of sorption model in systems with low sorption
strength and slow biodegradation rates, and insensitive to the biodegradation rate model if mass transfer controlled. Differences
among model results are generally greater when evaluated in terms of total mass removal rather than aqueous phase concentration
reduction. The fate of the cometabolite is more sensitive to the proper consideration of co-solute effects than is the fate of the pri-
mary substrate. For a given system, graphical comparison of a characteristic mass transfer rate coefficient (amt) versus a character-
istic biodegradation rate coefficient (abio) provides an indication of how sensitivity to the different processes may be expected to
change with time and can guide the selection of an appropriate level of model complexity.
� 2005 Elsevier Ltd. All rights reserved.
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1. Introduction

An ongoing difficulty in simulating the fate of con-
taminants in subsurface environments is that the mod-
eled macro-scale phenomena are primarily governed
by complex micro-scale processes that are hard to isolate
and characterize in heterogeneous subsurface environ-
ments. For this reason, models developed using overly
simplistic assumptions will fail under field conditions
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that are outside the bound of their calibration [60].
These failures are often attributable to the small-scale
and short-term conditions of laboratory experiments
that do not adequately reflect longer-term rate phenom-
ena [61], but also result from simplifications in the model
formulations that do not sufficiently account for com-
plex solute–soil, solute–microbial, and solute–solute
interactions [32,65,69]. Practical constraints often pre-
vent the full incorporation of all processes into a model,
and there is an inherent conflict between the desire to
constrain the model complexity (and associated uncer-
tainty of model parameter values) with the need to more
mechanistically model complex processes [12,13,42].
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One area in which past model simplifications have
been inadequate (and where laboratory data have pro-
vided new insight) is in regard to sorption and the related
issues of mass transfer (e.g., desorption). Recent studies
have underscored the need to better delineate and repre-
sent complex sorption mechanisms and desorption/diffu-
sion processes. For example, research has shown that
using linear isotherms as a convenient approximation
for nonlinear sorption can lead to large errors in predict-
ing aqueous concentrations (e.g., [16,61,68]). Other work
has shown that the commonly used first-order rate model
for simulating desorption and intraparticle mass transfer
oversimplifies sorption and desorption dynamics and can
lead to large errors after long times of desorption or un-
der scenarios that involve time-variant boundary condi-
tions external to the sorbent particle (e.g., [37,38,51,
59,61,83]). Even highly mechanistic pore diffusion
models are often inaccurate for natural sorbents and
porous media because they can never precisely account
for inherent heterogeneities in particle shapes, sizes,
sorption capacities, sorbent-phase pore volumes and
internal structures (e.g., [10,22,46,57]). Co-existing
solutes also can affect both sorption and mass transfer
by competing for sorption sites (e.g., [36,52,62,79]).

Given such complexities, increased sophistication has
been incorporated into numerical models to describe
pollutant fate and remediation. For example, improved
sorption isotherm models are available to more mecha-
nistically describe sorption nonlinearity by more dis-
tinctly accounting for the simultaneous absorption into
natural organic matter and adsorption onto ‘‘harder’’
substances [2,43,44,77,78,80,81], and models have also
been developed to consider competitive sorption in mul-
ti-solute systems (e.g., [27,54,62]). Some recently devel-
oped models for mass transfer explicitly account for
diffusion in particles of different sizes, geometries, and
internal porosities [10,46], and others consider particle
heterogeneities using multiple rate constants (e.g.,
[24,45,73]), including stochastic approaches with statisti-
cal distributions of rate or combinations of rate and
sorption capacity (e.g., [22,39,57]).

Biodegradation kinetics are also modeled with
various approaches. Although first-order models offer
simplifications valuable for model construction and
interpretation, biodegradation models are also available
for more mechanistically representing concepts of
enzyme saturation and biomass growth. These include
not only the classical Monod equation [21,49,55], but
also modifications to the Monod equation that can
account for the formation of toxic degradation products
(e.g., [28,30]), co-solute inhibition, and cometabolism
(e.g., [6,26]).

The increased sophistication of sorption, diffusion,
and biodegradation models has led to a greater ability
to predict and simulate solute fate in many well-defined
laboratory experiments. For poorly characterized sys-
tems, however, a drawback to increased model sophisti-
cation is that more complex models invariably have a
greater number of parameters, not all of which can be
independently determined using currently available
methods [70]. In such cases, the better fit to experimental
data may be only a result of an increase in the degrees of
freedom and may not truly reflect a more mechanistic
representation of the governing processes [33,34,45].
Thus, when a detailed characterization of biogeochemi-
cal properties is impractical or infeasible, what is likely a
more mechanistic representation is compromised by
assuming a simpler model that can be more easily
parameterized and implemented. Given that all models
can never be fully mechanistic for complex and hetero-
geneous media, the choice of an ‘‘appropriate’’ model
is often unclear. A general rule (sometimes referred to
as Occam�s Razor) is that the most appropriate model
for a given situation is that which uses as few unspecified
parameters as possible to describe the principal out-
comes of concern with reasonable accuracy. Use of such
a model will minimize the possibility of nonunique
parameters and increase the likelihood that the parame-
ters are appropriately descriptive for the system at hand
[42]. In this context, exploring the sensitivity of a mod-
el�s results to various simplifying assumptions can offer
insight into model selection.

This paper explores model sensitivity for co-solute
systems as influenced by solute concentration, sorption,
mass transfer, and cometabolic biodegradation in order
to provide insight on the level of modeling complexity
that is needed for different system conditions. Several
models with hierarchal levels of complexity in their pro-
cess representations are used to simulate cometabolic
biodegradation in some selected hypothetical, com-
pletely mixed domains that represent volume elements
of water-saturated porous media. Toluene and TCE
are used as model contaminants for the primary
(growth) and cometabolic (nongrowth) substrates.
Although a comprehensive analysis of all models and
environmental scenarios is obviously not possible, the
case studies presented do illustrate how different combi-
nations of biogeochemical factors affect model sensitiv-
ity in well-mixed systems that include cometabolic
biodegradation.
2. Concepts and methods

2.1. Model development

The assumed modeling domain is a finite-volume,
completely mixed, soil–water system in which the solute
mass changes over time can be related by the following:

oMTðtÞ
ot

¼ oMwðtÞ
ot

þ oM sðtÞ
ot

ð1Þ
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where M (lmol) is the solute mass, t (d) is time, and the
subscripts T, w, and s, denote the total domain, bulk
aqueous phase, and solid phase (sorbed to particle solids
or in the aqueous phase of an intraparticle region). The
solute mass balance is further defined by

oMwðtÞ
ot

¼ V w

oCwðtÞ
ot

� rbioðtÞ � V w ð2Þ

oM sðtÞ
ot

¼ mT
oCsðtÞ
ot

ð3Þ

where Cw (lmol/L) is the solute concentration in the
bulk aqueous phase (aqueous phase external to solids),
Cs (lmol/kg) is the solute concentration in the solid
phase, Vw (L) is the volume of water in the bulk aqueous
phase, mT (kg) is the total mass of the solids, and rbio
(lmol/d) is the biodegradation rate. Note that Eq. (2)
is a reflection of the fact that biodegradation is often
found to occur only in the bulk aqueous phase such that
the sequestration of solutes by solids limits the accessi-
bility, or bioavailability, of solutes to biodegradation
(e.g., [11,32,50,65,66,71]).

Using the conceptual framework given above,
numerical models were constructed based on different
representations of mass transfer, sorption, and biodeg-
radation. These components are discussed below.
2.1.1. Desorption and mass transfer

Desorption and mass transfer kinetics are simulated
in this work using one of three models: equilibrium
(E), simplistic (S), or diffusion (D). The equilibrium
model assumes instantaneous sorption and desorption
such that the solid phase concentration is at local equi-
librium with the bulk aqueous phase. The following
equation then describes the mass balance in the solid
(sorbed) phase:

oCs

ot
¼ dCs

dCw

oCw

ot
ð4Þ

where the partitioning coefficient, dCs

dCw
, can be obtained

from the sorption isotherm.
The simplest model for describing rates of sorption or

desorption (mass transfer rates) is a first-order approach
that partitions the domain into two regions: Region 1, a
macroporosity region (porosity external to sorbent par-
ticles), and Region 2, a microporosity region (porosity
internal to the sorbent particles). Microbes cannot ac-
cess the micropores so that biodegradation occurs only
in the aqueous solution of Region 1 (e.g., [11,32,50,
65,66,71]). Concentrations within each region are com-
pletely mixed and at local equilibrium with the sorbed
phase; however, solute mass exchange between the two
regions is rate-limited and governed by the concentra-
tion difference between each region and a simple first-
order mass transfer coefficient, ap [s�1]. The mass
balance in Region 2 is then given by Eq. (5):
ei
oC2

ot
þ qg

oS2

ot
¼ apðC1 � C2Þ ð5Þ

where ei [cm
3/cm3] is the internal grain porosity (i.e., the

porosity of Region 2), qg [g/cm3] is the apparent grain
density (i.e., the bulk density within Region 2), C

(lmol/L) is the aqueous phase concentration, S (lmol/
kg) is the sorbed phase concentration, and subscripts 1
and 2 denote Region 1 and Region 2, respectively. With
this conceptualization, Vw is distinguished from the total
aqueous volume, VT, by

V w ¼ V T �
mTei
qg

ð6Þ

and the definition of Cs becomes

CsðtÞ ¼ S1ðtÞ þ S2ðtÞ þ
ei
qg

C2ðtÞ ð7Þ

The first-order model (referred to as the ‘‘simplistic’’
model to avoid ambiguity with subsequent uses of the
term ‘‘first-order’’) is representative of linear driving
force models [20,76] that are commonly used to approx-
imate more complicated mass exchange processes be-
tween the bulk aqueous phase and the solid phase [82].

The diffusion model for desorption/mass transfer is
also a two-region mass transfer model, but solute in Re-
gion 2 is not assumed to be completely mixed. Rather,
solute movement in Region 2 is controlled by Fickian
diffusion. For assumptions of a spherical Region 2 do-
main and diffusion only in water, the movement of sol-
ute in Region 2 can be described by the following
equation:

e
oC2

ot
þ q

oS2

ot
¼ eDp

r2
o

or
r2
oC2

or

� �
ð8Þ

where r (cm) is the particle�s radial coordinate, and Dp

(cm2/day) is the pore diffusion coefficient [9]. For use
with Eq. (7), sorbed and aqueous concentrations in Re-
gion 2 must be averaged across the intraparticle region
(Region 2) of radius a (cm):

C2ðtÞ ¼
3

a3

Z a

0

C2ðr; tÞr2 dr ð9aÞ

S2ðtÞ ¼
3

a3

Z a

0

S2ðr; tÞr2 dr ð9bÞ

Mass transfer between the particle surface and the bulk
aqueous phase is assumed to be rapid compared to
intraparticle diffusion rates so that the aqueous concen-
tration at the particle surface equals the bulk aqueous
concentration:

C2ðr ¼ a; tÞ ¼ C1ðtÞ ð10Þ
Sorbed concentrations in each region are related to their
respective aqueous phase concentration through an
appropriate sorption isotherm:

S1ðtÞ ¼ f
dCs

dCw

C1ðtÞ ð11aÞ
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and

S2ðtÞ ¼ ð1� f Þ dCs

dCw

C2ðtÞ ð11bÞ

where f is the fraction of sorption sites attributed to Re-
gion 1.

Although the above model is vastly simplified by
assuming a single geometry and size for Region 2, it is
nonetheless an arguably more mechanistic representa-
tion of intraparticle mass transfer than the simple
first-order model because it allows an accounting of
time-variant concentration gradients within the sorbed
phase. In this work, the diffusion model is used as a
hypothetical construct that might represent either the
retarded pore diffusion model or other, more complex,
rate models that assume multiple first-order rate con-
stants to characterize mass transfer (e.g., [22,45,57,73]).

2.1.2. Equilibrium sorption isotherms

Equilibrium sorption is also represented by one of
three different models: linear (L), nonlinear (N), or non-
linear-competitive (Nc). Partitioning in the nonlinear
model is represented by the Freundlich isotherm:

dCs

dCw

¼ nK fC
n�1
w ð12Þ

where Kf ((L/kg)
n) and n (–) are coefficients of the iso-

therm. For the linear sorption model, n = 1 and Kf re-
duces to the linear solid–water partition coefficient, Kd

(L/kg).
The nonlinear-competitive model accounts for the ef-

fects of solute competition for sorption sites in multi-
component solutions using the Ideal Adsorbed Solution
Theory (IAST). For a system with two solutes, the IAST
sorption isotherm is derived from the individual Freund-
lich isotherm parameters for each of two solutes, i and j

[27,54,58]:

Ci ¼ Si

Si þ Sj

� �
Si þ Sj ni

nj

� �
Ki

f

" # 1
ni

ð13Þ
2.1.3. Biodegradation

Biodegradation is likewise simulated using one of
three alternative models: first-order (F), Monod (M),
or Monod with inhibition and cometabolism (Mc).
The first-order model represents the biodegradation
rate, rbio, with a first-order rate constant, k1 (1/d):

rbio ¼ k1Cw ð14Þ
The Monod biodegradation model accounts for the

interdependence of the substrate utilization rate and
the biomass growth rate, rx (mgx/L d):

rbio ¼
kmXCw

Ks þ Cw

ð15Þ

rx ¼
dX
dt

¼ Yrbio � bX ð16Þ
where X (mgx/L) is the biomass density, Y (mgx/lmol) is
the yield coefficient, km (lmol/mgx d) is the maximum
rate of substrate utilization, Ks (lmol/L) is the half-sat-
uration constant, and b (1/d) is a first-order biomass
death rate.

Models for dual-substrate inhibition and cometabo-
lism modify the Monod equation to account for co-sol-
ute inhibition, degradation rate enhancement of a
primary growth substrate (superscript g) on a cometab-
olite (superscript c), and increased biomass decay due to
toxic product formation from the degradation of the
cometabolite [3–6,21,26,49]. Kinetic expressions show
the interrelationship between primary growth substrate
and cometabolite biodegradation:

rgbio ¼
kgmXC

g
w

Kg
s 1þ Cc

w

Kc
i

� �
þ Cg

w

ð17Þ

rcbio ¼ ðT yr
g
bio þ kcmX Þ � Cc

w

Kc
s 1þ Cg

w

Kg
i

� �
þ Cc

w

2
64

3
75 ð18Þ

where Ki (lmol/L) is the competitive inhibition coeffi-
cient and Ty (lmolc/lmolg) is the transformation yield
for the biodegradation rate enhancement of the come-
tabolite due to the degradation of the primary growth
substrate. The negative effects on the microbial popula-
tion of toxic product formation resulting from the trans-
formation of the cometabolite are included in the rx term
using a transformation capacity, Tc (lmol/mgx):

rx ¼ Yrgbio � bX � rcbio
T c

ð19Þ

The three representations each for the mass transfer,
sorption, and biodegradation components yield a possi-
bility of 27 model combinations. Of these 27 combina-
tions, 18 are used in this study. The 18 models range
from the simplest model representation of equilibrium
linear sorption with first-order biodegradation to a
more complex model with nonlinear-competitive sorp-
tion, diffusive mass transfer and cometabolic biodegra-
dation. These models were selected from the possible 27
as follows: Only two of the possible nine equilibrium
models were chosen, the E–L–F model (simplest) and
E–Nc–Mc (most complex of the equilibrium models),
since the equilibrium models are the most simplistic
conceptualization. All other model formulations were
used except the Monod biodegradation formulation
for nonlinear and competitive sorption with either the
simple mass transfer or diffusion mass transfer models
(S–Nc–M and D–Nc–M). These two model formula-
tions were not included as they offered little new infor-
mation compared to their counterpart linear and
noncompetitive formulations (S–N–M and D–N–M).
Fig. 1 depicts the model combinations selected for this
study along with the abbreviations that are used to
identify each.
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Fig. 1. Combinations of model representations for mass transfer,
sorption, and biodegradation. Abbreviations are given for the model
combinations used in this study.

N.W. Haws et al. / Advances in Water Resources 29 (2006) 571–589 575
The diffusion mass transfer model with linear and
nonlinear sorption is taken from NNpore numerical
code of Young [82] and Young and Ball [84] which
was also adapted and applied by Sabbah et al. [61].
Aqueous and sorbed phase concentrations in the
NNpore model are solved using a predictor–corrector
approach [84] and the intraparticle diffusion is computed
using a tri-diagonal matrix algorithm [66,82] with a
Crank–Nicholson finite difference numerical procedure
[25]. This base model is further extended here to simul-
taneously track two chemical species. If the competitive
sorption model formulation is chosen, the aqueous and
sorbed concentrations of the two chemicals are solved
iteratively using IAST (Eq. (13)). The mass biodegraded
for each time step is computed after solving for aqueous
and sorbed phase concentrations using the first-order,
Monod, or Monod with co-solutes model, depending
on the formulation selected by the user. The simple mass
transfer model uses the same solution procedure as the
diffusion mass transfer model except that aqueous con-
centrations in Region 2 are completely mixed at each
time step. The equilibrium formulation was derived
from the diffusion model by specifying a mass transfer
rate fast enough to mimic equilibrium conditions at each
time step.

The initial distribution of aqueous and sorbed con-
centrations in Region 1 and Region 2 are set at the equi-
librium condition as given by the sorption isotherm for
the respective solute and soil type scenario. The bound-
ary condition between Region 1 and Region 2 is given
by Eq. (10).

2.2. Hypothetical case studies and model

parameterization

All simulations are conducted for a hypothetical, 1-L
batch system containing toluene and trichloroethylene
(TCE). These solutes were chosen because of their envi-
ronmental relevance, because they function as exem-
plary cometabolic substrates with toluene as the
primary growth substrate and TCE as the nongrowth
cometabolite, and because of the availability of numer-
ous previously reported biodegradation rate parameters
for the combined system. In particular, as reviewed by
Alvarez-Cohen and Speitel [6], a number of researchers
have documented that TCE will be cometabolically de-
graded with toluene by pure cultures (Pseudomonas bac-
teria) and mixed cultures.

Hypothetical case studies explore combinations of
different soil types (high and low sorption strength in
combination with slow and fast mass transfer rates),
biodegradation rates (fast and slow), and initial mass
loadings (high and low). In all scenarios, the total soil
mass and total water volume are assumed to be
1.62 kg and 0.38 L, respectively, which gives a soil–
water ratio (Rs/w) of 4.3. This value is typical of many
saturated aquifers, but higher than what could be easily
studied in a batch laboratory system. Other system
properties general to all scenarios are the apparent grain
density, qg = 2.62 kg/L, and the intraparticle porosity,
ei = 0.018 [84]. The case-specific parameters are pro-
vided below.

2.2.1. Sorption and mass transfer parameters

The sorption and mass transfer parameters are se-
lected to be characteristic of two endpoint conditions:
(1) a scenario with relatively weak sorption and rapid
mass transfer (labeled ‘‘Type 1 soil’’) and (2) a scenario
with relatively strong sorption and slow mass transfer
(labeled ‘‘Type 2 soil’’). Parameters for the Type 1 soil
are based on pulverized sand from the Borden aquifer
(Borden, Ontario) with an organic carbon fraction,
foc = 0.00023 and a mean particle diameter between
250 lm and 420 lm [8,9] For this material, Harmon
and Roberts [40] measured a perchloroethene (PCE) dif-
fusion rate coefficient (Dp/a

2) of 0.74 d�1. The diffusion
coefficient for PCE is translated into Dp/a

2 values for
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toluene and TCE using the Wilke–Chang propor-
tionality:

Dp

a2
ðtoluene;TCEÞ ¼ Dp

a2
ðPCEÞDmðtoluene;TCEÞ

DmðPCEÞ
ð20Þ

where Dm is the solute diffusion coefficient in water. The
Dm values of PCE, toluene and TCE are estimated from
the method of Hayduk and Laudie [41] as 0.75 cm2/d,
0.73 cm2/d, and 0.81 cm2/d, respectively. The corre-
sponding diffusion rate parameters for the Type 1 soil
are 0.7 d�1 for toluene and 0.8 d�1 for TCE.

Although Ball and Roberts [8] found PCE sorption
with Borden sand to be higher than predicted by com-
mon regressions with organic carbon content, this work
assumes that conventional organic carbon relationships
are adequate to describe sorption equilibrium parame-
ters. For the linear sorption models, Kd is estimated
from the following relationship:

Kd ¼ focKoc ð21Þ
where Koc (L/kg) is the soil–water partition coefficient
normalized to organic carbon. The Koc value for tolu-
ene, 150 L/kg, is taken directly from values reported
by EPA [31]. The Koc value for TCE, 104 L/kg, is esti-
mated with [47,64]:

logKoc ¼ 0.95 log Kow � 0.2 ð22Þ

where the log value of the octanol–water partition coef-
ficient, logKow, of 2.32 is taken from the averages of
several literature values assembled by Schaerlaekens
et al. [64]. For the nonlinear sorption model, an n value
of 0.6 was selected. The Freundlich Kf parameter in the
Type 1 soil and Type 2 soil scenarios were derived by
matching the initial equilibrium concentrations of lin-
ear and nonlinear sorption isotherms. The isotherm
matching was done for both the high initial mass load-
ing case and the low initial mass loading case (see Sec-
tion 2.2.3). Because the ‘‘matched’’ Kf is dependent on
concentration, this double Kf matching effectively cre-
ated four soils (two of which are ‘‘Type 1’’ for high
and low mass loading and two of which are ‘‘Type 2’’
for high and low mass loading). This is done so that
comparisons can be made for situations with similar
amounts of sorption at the initial condition of
contamination.

The first-order mass transfer terms for the models
with the simplistic (first-order) mass transfer representa-
tion are related to the asymptotic mass transfer rate of
the diffusion model with a geometry specific shape-fac-
tor, b (–) (e.g., [9,56,74,75]):

ap � b
Dp

a2
ð23Þ

where b is approximately 15 for spherical particles.
Using Eq. (23), the equivalent ap values for the Type 1
soil are 10.5 d�1 for toluene and 12 d�1 for TCE.
The Type 2 soil is derived from the Type 1 soil by
increasing the sorption strength and decreasing the mass
transfer rate. For the Type 2 soil, the foc is increased by a
factor of 100 and the Dp/a

2 value is decreased by a fac-
tor of 10 from that of the Type 1 soil. (This might thus
represent larger grained material of greater sorption
capacity.) Then, the methods of estimating the values
for sorption and mass transfer parameters in the Type
2 soil were similar to those used to estimate the param-
eter values for the Type 1 soil. The foc and Dp/a

2 for the
Type 2 soil, as well as the small n value of 0.6 for the
nonlinear sorption isotherms, were selected in order to
represent domains with high sorption, slow mass trans-
fer, and/or strong nonlinear sorption effects. Although
the differences between the sorption and mass transfer
parameters of the Type 1 and Type 2 soils were large,
all parameters are not unrealistic of some soil–water
environments (e.g., [23,40,62]), and the two soil types
represent endpoints of environmentally relevant scenar-
ios. It should be noted that by correlating low sorption
with rapid mass transfer (and vice versa), the apparent
diffusion rates (Da/a

2), which are reduced by the sorp-
tion retardation factor in Region 2, vary by nearly 3 or-
ders of magnitude among the two soils scenarios in
comparison to the factor of 10 difference of the Dp/a

2

values. (Table 1 reports both Dp/a
2 and Da/a

2 values.)
It is also important to note that the two soil type sce-

narios do not account for all possible sorption and mass
transfer combinations. Since soil–water partitioning re-
tards the apparent pore diffusion rate, strong sorption
is commonly related to slow mass transfer rate (and vice
versa); however, Dp is an intrinsic rate which depends
only on particle size, internal porosity, and tortuosity
(unlike the apparent diffusion rate, Da, which also de-
pends on the local retardation factor). Thus, situations
with strong sorption and rapid mass transfer or weak
sorption and slow mass transfer are also possible (For
example, fine particles with high organic carbon con-
tents such as soots and chars). Consequently, two other
soil types are investigated: Type 1-r and Type 2-r. The
Type 1-r soil has the same sorption parameters as the
original Type 1 soil, but a Dp/a

2 value that gives a Da/
a2 that is equivalent to the Da/a

2 of the original Type
2 soil. Likewise, the Type 2-r soil has sorption parame-
ters identical to the Type 2 soil and a Da/a

2 that matches
the Type 1 soil. Only the high M0 and slow biodegrada-
tion rate scenarios are simulated for the Type 1-r and
Type 2-r soils.

2.2.2. Biodegradation parameters

As with the sorption and mass transfer parameters,
two scenarios of biodegradation rates are selected
(‘‘fast’’ and ‘‘slow’’) with an objective to span an appro-
priate range of realistic biodegradation rates. Biodegra-
dation rate parameter values for the single and
cometabolic Monod models for toluene and TCE are



Table 1
Equilibrium sorption partition coefficients and mass transfer rate coefficients used for toluene and TCE in the simulations with the Type 1 soil and the
Type 2 soil

Toluene TCE

Type 1 Type 2 Type 1 Type 2

Dp/a
2 (d�1) 0.7 0.07 0.8 0.08

Da/a
2 (d�1)a 0.13 0.00016 0.20 0.00027

ap (d�1) 10.5 1.05 12 1.2
aa (d

�1)a 2.0 0.0024 3.0 0.0041
Kd (L kg�1) 0.035 3.5 0.024 2.4
Kf ((L kg�1)n) 0.77 (0.12) 27 (4.3) 0.21 (0.034) 8.5 (1.3)
n (–) 0.6 0.6 0.6 0.6

Kf values listed in italics are for the high initial mass loading cases and values listed in parentheses are for the low initial mass loading cases.
a The apparent mass transfer rates are reported for the linear sorption model. The actual apparent mass transfer rates for the nonlinear sorption

model depend on the solute concentrations.

Table 2
Biodegradation parameters used for ‘‘fast’’ and ‘‘slow’’ biodegradation rate scenarios

Toluenea TCEb

Fast (pure cultures) Slow (mixed cultures) Fast (pure cultures) Slow (mixed cultures)

km (lmol mg cells�1 d�1) 200 130 8 2
Ks (lmol L�1) 30 100 10 30
Ki (lmol L�1) 10 10 30 30
Y (mg cells lmol�1) 0.05 0.03 n.a. n.a.
Ty (lmol lmol�1) n.a. n.a. 0.09 0.05
Tc (lmol mg cells�1) n.a. n.a. 8.3 8.3
k1 (d

�1) 33 6.5 4.0 0.33

a Based on average of values reported in [1,7,17,18,21,48,67].
b Based on average of values reported in [4,6,17,29,67].
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estimated from values compiled by [1,6,7,67], as well as
other individual studies (see footnotes of Table 2).
Because observed field-scale biodegradation rates are
influenced by other concurrent processes [7,72], biodeg-
radation rate parameters are selected based on data
from studies conducted in batch system with no solids.
Also, because TCE cometabolism rates tend to vary
widely with the accompanying growth substrate, the
TCE biodegradation rate parameter values are taken
only from studies that used toluene or phenol as the pri-
mary growth substrate. Biodegradation rates in studies
using pure-strain microbial cultures are generally greater
than those reported for studies using mixed microbial
cultures; therefore, biodegradation rate parameter
values for the ‘‘fast’’ biodegradation rate scenarios are
based on the average values for studies using pure
cultures, and parameter values for the ‘‘slow’’ biodegra-
dation rate scenario are based on the average values for
studies using the mixed cultures. The transformation
capacity, Tc, is kept at a relatively high value
(8.3 lmol/lmol) for both the ‘‘fast’’ and ‘‘slow’’ rates
so that the Tc term had an effect on, but did not domi-
nate the biodegradation rate. Values for the Ki parame-
ter are not reported in most studies. Therefore, the value
of the ‘‘fast’’ Ks is used for both the ‘‘fast’’ and ‘‘slow’’
Ki values. The validity of substituting Ks values for Ki
values is still under debate [6]; however, a lack of avail-
able Ki values necessitates this assumption. For each
simulation, the initial biomass concentration, X0, is set
at 5 mg/L, which is typical of batch studies (e.g.,
[1,53,63]).

The values for k1 in the first-order biodegradation
model are estimated from the Monod biodegradation
parameters using

kg1 ’
kgmX 0

Kg
s

and kc1 ’
kcmX 0

Kc
s

ð24Þ

The parameter values for all biodegradation models are
reported in Table 2.

2.2.3. Initial mass loading

The initial solute concentrations also affect the signif-
icance of co-solute competition and the sensitivity
of assuming first-order biodegradation versus using
Monod kinetics. In this study, two cases of mass loading
(initial solute concentration) are considered: one with a
high initial contaminant mass (M0) and one with a low
M0. For TCE, the high M0 was 100 lmol and the low
M0 was 1 lmol. The M0 for toluene is set at 10 times
the M0 for TCE, which is consistent with TCE bioreme-
diation studies in which toluene is supplied in excess of
TCE [35]. The M0 values are selected to provide initial
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high/low concentrations that bound typical values used
in biodegradation and bioremediation studies (e.g.,
[6,53,63]). The initial solute concentration distributions
between the aqueous and sorbed phases are set at the
equilibrium partitioning value based on their sorption
isotherms. Recall that using a high and a low M0 means
that in the isotherm matching to determine the Kf value
of the Freundlich isotherms that essentially four soil
types are created because of the concentration depen-
dence of nonlinear sorption (see Section 2.2.1).

The different scenarios for sorption, mass transfer
rates, biodegradation rates, and initial mass loading
combine to give eight case studies for each of the eigh-
teen models considered. The results of each model are
evaluated based on the relative mass remaining in the to-
tal domain (M/M0) and on the relative concentration in
the bulk aqueous solution (Cw/Cw0). The evaluation
based on M/M0 takes the perspective of a mass-based
compliance criterion that requires a rigorous extraction
from both solid and aqueous phase. By contrast, the
evaluation based on Cw/Cw0 corresponds to a compli-
ance criterion where only the aqueous phase is
monitored.

2.3. Relating sensitivity to bioavailability

Previous studies have described bioavailability by
comparing a characteristic mass transfer rate coefficient
to a characteristic biodegradation rate coefficient (e.g.,
[14,15,19,85]). Relating these coefficients allows a quick
assessment of which processes limit the overall contam-
inant removal. Since model sensitivities depend on the
limiting process, this approach can also be useful in
quantitatively evaluating the appropriate model com-
plexity for a given system. The characteristic rate coeffi-
cients for biodegradation (abio) and mass transfer (amt)
can be defined as

abio ¼
rbioðtÞ
C1ðtÞ

ð25Þ

amt ¼
15Dp

a2R2ðtÞ
ð26Þ

where R2 is the average retardation factor in Region 2.
In most discussions of bioavailability, the characteristic
rate coefficients are taken to be constant in time. This is
true only if the system is governed by linear, first-order
processes such as at very low concentrations and a con-
stant biomass. If the biodegradation is represented using
a Monod model, however, the value of abio can change
with time because of concentration changes and biomass
growth or decay. When cometabolism and competitive
inhibition are accounted for, the value of abio will also
be influenced by the concentration and biodegradation
rate of the co-solute. If a nonlinear sorption isotherm
model applies, the extent of solute retardation in Region
2 changes with the solute concentration and leads to a
time-dependent amt. Consequently, the time dependence
of the characteristic rate coefficients should be consid-
ered for systems that require more complex models.

In this study, the rate coefficients are compared by
plotting, for a given system condition and for a given
point in time, the value of amt against the value of abio.
These ‘‘bioavailability plots’’ of amt versus abio are cre-
ated for the four base case studies: Type 1 soil, fast bio-
degradation (T1 F), Type 1 soil, slow biodegradation
(T1 S), Type 2 soil, fast biodegradation (T2 F), and
Type 2 soil, slow biodegradation (T2 S). Two model
combinations are used for this analysis: diffusive mass
transfer, nonlinear sorption, Monod biodegradation
(D–N–M) and diffusive mass transfer, nonlinear-com-
petitive sorption, Monod with co-solute biodegradation
(D–Nc–Mc).
3. Results

The M/M0 for the first 10 days of the model simula-
tions are shown for toluene in Fig. 2 and for TCE in
Fig. 3. Corresponding graphs for bulk aqueous phase
concentrations, Cw/Cw0, are given in Figs. 4 and 5. Sim-
ilar graphs for the ‘‘Type r’’ soils are shown in Fig. 6
(M/M0) and Fig. 7 (Cw/Cw0). Although model simula-
tions were conducted for more than the 10 day period,
the 10 day window shown in the graphs adequately dis-
plays the asymptotic trends without suppressing the
early time behavior of the different simulations. The
graphs in each figure are organized to show the results
of the low M0 simulations in the left column and the re-
sults of the highM0 simulations in the right column. The
graphs are also organized to show a general increase in
the disparity between the simulation results for the sev-
eral model combinations from the upper left graph
(most similar) to the lower right graph (most dissimilar),
that is, from the low M0, Type 1 soil, fast biodegrada-
tion rate scenario (T1 F) to the high M0, Type 2 soil,
slow biodegradation rate scenario (T2 S). In Figs. 2–7,
the abbreviations from Fig. 1 are used to designate each
model formulation. The ‘‘*’’ symbols in place of a model
formulation abbreviation indicates that the results are
insensitive to that component of the model formulation.

The ‘‘bioavailability plots’’ of amt versus abio are
shown in Fig. 8, with the results for toluene in the top
graph and the results for TCE in the bottom graph.
The time dependence of amt and abio is illustrated by
plotting points at 11 times, first at 0.25 day and then
at daily time increments from day 1 to day 10. The plot-
ted points for the D–Nc–Mc model (solid symbols in
Fig. 8) and the D–N–M model (open symbols) on the
same graph allow an evaluation of how the consider-
ation of co-solutes influences the rate coefficients. The
dotted lines in the graphs denote where amt = abio.
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Fig. 2. Relative mass remaining (M/M0) with time for toluene in model simulations of the eight soil type, biodegradation rate (bio-rate), and M0

scenarios.
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4. Discussion

The sensitivity of the simulations� results to different
representations of sorption, mass transfer, biodegrada-
tion, and the accounting for co-solutes depends on
numerous factors. The following sections discuss the
model sensitivities in the context of the factors explored
in the case studies.

4.1. Sensitivity to M0

The effect of M0 is most pronounced in the Type 1
soil where sorption and mass transfer constraints are
minimal (Fig. 2A–D and Fig. 3A–D). The differences be-
tween modeling results are less apparent for the low M0

scenarios. Results for toluene show little difference be-
tween the low M0 simulations for the Type 1, fast and
Type 1, slow biodegradation cases (Fig. 2A and C).
There is similar agreement in model results for TCE at
low M0 in the Type 1, fast and Type 1, slow cases
(Fig. 3A and C). The better agreement among models
at the lower M0 is intuitive based on examination of
Eqs. (15)–(17), which approach the form of first-order
biodegradation (Eq. (24)) as Cw becomes smaller. In
addition, the influence of competitive inhibition is also
larger in the high M0 cases (see Eqs. (17) and (18)).
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Fig. 3. Relative mass remaining (M/M0) with time for TCE in model simulations of the eight soil type, biodegradation rate (bio-rate), and M0

scenarios.
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The biodegradation components of the different models
again converge at later times when Cw decreases and
inhibition becomes less important. These results illus-
trate the importance of considering the solute concentra-
tions when selecting the most appropriate model. In
particular, at the beginning of remediation periods,
when solute concentrations are at a maximum, the com-
monly applied first-order biodegradation kinetics may
oversimplify the degradation process—even for a single
solute system. At longer remediation periods (as solute
mass is depleted), however, the need for a more complex
biodegradation model is relaxed so that a first-order bio-
degradation model may be appropriately assumed.
4.2. Sensitivity to biodegradation rate

Slower biodegradation rates augment the differences
in the representation of biodegradation and the effect
of M0. The increased differences among models for the
slower biodegradation rates result from slower mass re-
moval and the concomitant longer periods of higher
concentrations that exaggerate the effects of self-inhibi-
tion (i.e., substrate saturation) and competitive inhibi-
tion. This is particularly true for the Type 1 soils
where the biodegradation rates, rather than the mass
transfer rates, control the overall mass removal. (Note
the distinct grouping of models by the biodegradation
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Fig. 4. Relative bulk aqueous phase concentration (Cw/Cw0) with time for toluene in model simulations of the eight soil type, biodegradation rate
(bio-rate), and M0 scenarios.
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component that is most apparent in Fig. 2D and
Fig. 3D.)

4.3. Sensitivity to soil type (sorption/mass transfer

constraints)

4.3.1. Type 1 and Type 2 soils

The different sorption and mass transfer constraints
of the two soil types greatly influence model compatibil-
ity. In the Type 1 soil (lower sorption strength and faster
mass transfer rates) modeling results are fairly uniform
for toluene (Fig. 2A–D). In particular, low sorption
affinities and rapid mass transfer rates decrease the sen-
sitivity to the representation of sorption and mass trans-
fer relative to the representation of biodegradation. The
lower sorption and mass transfer constraints in the Type
1 soil, however, result in greater sensitivity to the bio-
degradation component, thus the more pronounced ef-
fect of M0 and the grouping by biodegradation
representation in the Type 1 soil. For toluene and
TCE, the first-order biodegradation models (*–*–F),
which do not account for inhibition and toxicity effects,
generally show the most rapid mass removal, especially
at early times. For toluene, single-substrate Monod
models (*–*–M), which do account for enzyme affinity
and substrate saturation but not competitive inhibition
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or product toxicity, have the second fastest mass re-
moval, and cometabolic Monod models (*–*–Mc),
which consider both enzyme affinity and co-solute ef-
fects, have the slowest removal. The grouping by the
biodegradation component are the same for TCE, ex-
cept that the cometabolic Monod models show faster
mass removal than the single contaminant Monod mod-
els (Fig. 3A and D), a consequence of accounting for the
enhancement of the TCE biodegradation rate due to the
transformation yield on the biodegradation rate of tolu-
ene (Eq. (18)).

The Type 2 soil (higher sorption strength and slower
mass transfer rates) shows the opposite grouping of
models as the Type 1 soils; that is, by mass transfer rep-
resentation rather than by biodegradation representa-
tion (Fig. 2E–H and Fig. 3E–H). Also for the Type 2
soil, the discrepancies between the equilibrium, simple,
and diffusion mass transfer models increase with time.
The mass removal in all the simulations is initially rapid
as solutes in the instantaneous sorption sites are imme-
diately released to, then biodegraded in, the bulk aque-
ous phase. Following this rapid reduction of solute
concentrations in the bulk aqueous phase, mass deple-
tion in the two-region models is constrained by slow dif-
fusion of solute from the intraparticle region. When the
potential biodegradation rate is faster than the rate at
which solute is transferred from the intraparticle region,
the concentrations in the bulk aqueous phase reach a
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low steady-state value (Fig. 4E–H), the inter-region con-
centration gradient for mass transfer remains nearly
constant, and there is a nearly linear mass removal with
time (Fig. 2E–H). The equilibrium model, which as-
sumes no mass transfer constraints, shows the most ra-
pid mass removal. The slower mass removals observed
for the simple mass transfer model as compared to the
diffusion model result from equating the first-order mass
transfer rate to the asymptotic mass transfer rate of the
diffusion model (see Eq. (23)). The bias of assuming the
simple mass transfer model would be in the opposite
direction (i.e., toward optimistic removal) had a diffu-
sion rate been chosen from an earlier time (e.g., if it were
based on a short-term desorption study or early field
results).

The Type 2 soil also exhibits a secondary sensitivity
to the sorption component. Initially, when aqueous
concentrations are nearer the equilibrium points used
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to relate the linear and nonlinear isotherms, the nonlinear
sorption models have mass removal rates similar to their
linear model counterparts (Fig. 2E–H and Fig. 3E–H).
As the aqueous concentrations become small, however,
the nonlinear sorption models have greater sorption
affinity, resulting in slower diffusion/desorption rates
and prolonged mass removal times compared to their
linear counterparts (see especially Fig. 3E and F).

4.3.2. Type 1-r and Type 2-r soils

The scenarios with low sorption capacity coupled
with slow mass transfer rates (Type 1-r soil) and high
sorption capacity coupled with rapid mass transfer
rates (Type 2-r soil) are shown in Fig. 6 (M/M0) and
Fig. 7 (Cw/Cw0). The mass removal for the Type 1-r soil
is similar to the Type 1 soil during early times, with re-
sults grouped based on the models biodegradation com-
ponent (Fig. 6A and B). After this initial period, results
from all models converge (except the equilibrium mod-
els, which are unaffected by changes in mass transfer
constraints) as slow mass transfer limits solute bioavail-
ability. Because toluene has faster biodegradation rates
than TCE, the effect of the slower mass transfer rate is
most evident for toluene (Fig. 6A). Although not
clearly apparent in the 10 day window shown, results
begin to diverge in the later times based on the model�s
mass transfer component. Thus for the case of low
sorption capacity yet slow mass transfer rates, an accu-
rate representation of both biodegradation and mass
transfer is needed to adequately simulate the full
M/M0 profile, while results are less sensitive to the
sorption component of the models. Interestingly, the
Cw/Cw0 perspective shows little differences between
the Type 1 and the Type 1-r soils (compare Fig. 4D
and Fig. 7A), illustrating that observations based on
only the concentration perspective cannot readily
display the effects of mass transfer (see below for
further discussion of this topic).
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The Type 2-r soil (high sorption capacity and a rapid
mass transfer rate) also displays two groupings of simu-
lation results (Fig. 6C and D). First, results for scenarios
with rapid mass transfer rates and slow biodegradation
rates are grouped based on the model�s representation of
biodegradation. These groupings are similar to that
discussed above in the section on sensitivity and biodeg-
radation rate. The second grouping is by the represen-
tation of sorption, which in the Type 2-r soil is the
dominant process limiting bioavailability. The differ-
ences between the linear, nonlinear, and nonlinear-
competitive sorption models are initially negligible, but
mass removal rates for the nonlinear sorption models
become increasingly slower than the linear models,
reflective of the greater sorption strength at lower solute
concentrations. The nonlinear-competitive sorption
models follow the same trends as the nonlinear models
except for slightly greater mass removal, indicative of
the reduced sorption capacity (increased bioavailability)
due to the competitive sorption between toluene and
TCE. An exception to this general observation is the
behavior of the competitive sorption and cometabolic
biodegradation models for toluene (Fig. 6C). Mass
removal rates for the *–Nc–Mc models are actually less
than the other cometabolic biodegradation models. This
anomaly is caused by the increased aqueous concentra-
tion of TCE in the *–Nc–Mc models that inhibits the
mass removal of toluene and slows the biomass growth
because of greater product toxicity.

4.4. Sensitivity to primary substrate vs. cometabolite

The differences among modeling results are more
prominent for TCE mass removal than for toluene mass
removal (e.g., compare Fig. 2D with Fig. 3D). For tolu-
ene, the first-order and single-substrate Monod biodeg-
radation models give similar mass removal rates as the
cometabolic Monod model for several scenarios. In con-
trast, for TCE, the first-order and single-substrate
Monod biodegradation models are only comparable to
the cometabolic Monod model in the Type 1, low M0

scenarios (Fig. 3A and C). The sorption and mass trans-
fer of toluene and TCE are not sufficiently dissimilar to
account for their different sensitivities. Rather, the great-
er sensitivity among the models for TCE is caused by at
least two factors. First, as discussed previously, the
slower biodegradation rates for TCE tend to augment
model sensitivities to the biodegradation component.
Second, the TCE biodegradation rates in the cometa-
bolic Monod models are linked to the biodegradation
rates of toluene (see Eq. (18)). Thus the sensitivities in
the cometabolic Monod model for toluene are com-
pounded in the cometabolic model for TCE. The greater
sensitivity in modeling TCE is likely general to all come-
tabolites because biodegradation rate parameters for
cometabolic substances are generally orders of magni-
tude lower than those of their primary growth substrates
[7].

4.5. Sensitivity to total mass vs. aqueous concentration

The results shown as Cw/Cw0 (Figs. 3 and 4) are more
similar than the corresponding results shown as M/M0

(Figs. 1 and 2). This is especially true when biodegrada-
tion rates are fast and mass transfer rates are slow. For
these scenarios, bulk aqueous concentrations are rapidly
depleted to very low values for all model types, even
though the prediction of contaminant mass removal
may vary among models (e.g., compare Fig. 2E–F with
Fig. 3E–F). When Cw/Cw0 is the evaluation criteria,
even the E–L–F model performs similar to the more
complex models for many scenarios. Hence, the appro-
priateness of model assumptions not only depends on
the physical–biological properties of the subsurface
environment, but also on the evaluation criteria. The
need for a more sophisticated model is relaxed when
only bulk aqueous phase concentrations are of concern.

Another interesting comparison between M/M0 and
Cw/Cw0 perspectives is the differences in the relative re-
moval rates between the equilibrium (E), simple (S),
and diffusion (D) models. For the M/M0 perspective,
the equilibrium models consistently show the greatest
removals, and the simple mass transfer models have
the lowest removals. (Recall that the lower mass remo-
vals for the simple mass transfer models are due to
matching the first-order mass transfer rate coefficients
to the asymptotic diffusion rates.) The Cw/Cw0 perspec-
tive shows an opposite trend; i.e., equilibrium models
giving the lowest contaminant reductions and simple
mass transfer models showing the greatest reductions.
This apparent reversal in predictions of relative reduc-
tions demonstrates a potential fallacy of interpreting
concentration reduction as mass removal. The Cw/Cw0

perspective does not distinguish aqueous phase concen-
tration reductions due to mass removal from concentra-
tion reduction due to contaminant sequestration into the
immobile region. Thus, when mass transfer rates are
small compared to biodegradation rates, contaminant
concentrations in the bulk aqueous phase will quickly
become low, although total contaminant mass removal
is actually very slow. That total mass may not be prop-
erly modeled is irrelevant if the only criterion is aqueous
phase concentrations (as might be the case for a flux-
based standard). Often, however, there is also concern
for long-term conditions under which aqueous phase
biodegradation might no longer continue to occur (as
in cases where the primary substrate is completely ex-
hausted and biomass die-off occurs). In this situation,
the total contaminant mass must be known and what
was projected to be a ‘‘conservative’’ model under a
Cw/Cw0 criteria, may over-predict the actual contami-
nant removal.
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4.6. Interpreting model sensitivity using bioavailability

plots

The bioavailability plots (Fig. 8) help interpret how
model sensitivity changes for different case studies.
The plots can be conceptually divided into four quad-
rants. Though the boundary values designating each
quadrant are ambiguous, the lower right quadrant des-
ignates a mass transfer rate constrained system (low
amt, high abio), the upper left a biodegradation rate con-
strained system with (low abio, high amt), the lower left a
system with both mass transfer and biodegradation con-
straints, and the upper right a system with little or no
constraints to solute mass removal. Each of the four
combinations of soil type and biodegradation rate lay
in a different quadrant of Fig. 8, reflecting the relative
value of its bioavailability and sensitivity characteristics.
The T1 F case, least sensitive to biodegradation and
sorption/mass transfer representation, is in the upper
left of the plots; the T1 S case, more sensitive to biodeg-
radation, yet insensitive to sorption/mass transfer, is in
the upper right; the T2 F case, more sensitive to sorp-
tion/mass transfer, yet relatively less sensitive to biodeg-
radation, is in the lower right; and the T2 S case,
relatively sensitive to both sorption/mass transfer and
to biodegradation, is in the lower left. Such bioavailabil-
ity plots are thus useful for providing a relative assess-
ment of how sensitive different modeling scenarios are
to their sorption, mass transfer, and biodegradation
components. The specific values of parameters that
demarcate the region into which any given scenario will
fall, however, are still not well understood and will need
further refinement through additional numerical and
experimental studies. A four-region approach to defin-
ing bioavailability similar to that shown is Fig. 8 was
also advocated in work by [15]. These authors prepared
a figure that compared two experimentally measured,
time-specific indices of the biotransformation potential
and desorbed amount.

Fig. 8 also illustrates the effects of time dependence
and co-solutes on amt and abio. In general, abio dramat-
ically increases over the course of the first day of the
simulation (between 0.25 day and 1 day). This increase
is attributed to the rapid growth of the biomass at early
times. As solute concentrations diminish, the biomass
growth decreases until there is net biomass decay, which
reduces the value of abio in the final days of the simula-
tions. The value of amt continuously decreases during
the simulations because lower concentrations in the
immobile domain lead to a rise in the sorption strength
and a corresponding decrease in the pore diffusion rate.
The decrease in amt values with time would not occur for
scenarios with linear sorption isotherms because pore
diffusion rates are not concentration dependent. Because
the lowest abio values and greater amt values are at the
initial stages, the model simulations would be most sen-
sitive to the biodegradation component at early times
and show increasing sensitivity to mass transfer at later
times.

The co-solute effects on the abio versus amt values de-
pend on the solute of interest. For toluene (primary sub-
strate), amt versus abio values move toward the upper
right between the D–N–M model and the D–Nc–Mc
model due to the fact that co-solute inhibition reduced
sorption in the presence of TCE. For TCE (cometabo-
lite) the amt versus abio values usually move toward the
upper left between the D–N–M and D–Nc–Mc models
as a result of the increase in abio for TCE in the presence
of toluene. An exception to this trend is with the T1 F
case, where the biodegradation rates for TCE are suffi-
ciently rapid that toxicity effects of TCE degradation
on the biomass growth become significant.

While many of the general characteristics of the amt

versus abio plots of toluene and TCE are applicable to
any single and/or co-solute system, some are solute spe-
cific. For example, both TCE and toluene rapidly biode-
grade in aerobic conditions. This leads to large values of
abio so that the amt versus abio points are below the
abio = amt line (dashed line in Fig. 8). Solutes with much
slower biodegradation rates would plot in the biodegra-
dation limited region (above the abio = amt line), and
models for simulating these compounds would be more
sensitive to the biodegradation component. In addition,
mass removal times would be longer such that the time
dependencies of abio and amt would be stretched across
longer time scales. For the simulations with toluene
and TCE, the changes in amt versus abio values (and thus
model sensitivity) between the single solute model (D–
N–M) and the co-solute model (D–Nc–Mc) are consid-
erably less than the changes in amt versus abio values that
arise because of differences in soil-type or biodegrada-
tion rate for the case studies that were chosen. This
observation would likely change for other chemicals
with different co-solute effects and different ranges
of sorption, mass transfer, and/or biodegradation
properties.
5. Conclusions

The simulations conducted here show that selection
of an appropriate model cannot be separated from the
biogeochemical context to which the model will be ap-
plied. In some cases, the formulation for modeling a gi-
ven process can significantly effect short and/or long-
term predictions. In other cases predictions are indiffer-
ent to the model selected. The relative sensitivity of pre-
dictions to model representations of sorption, mass
transfer, biodegradation and the accounting for co-sol-
ute effects reflects which process controls mass removal.
As found in previous studies and further substantiated
in this work, modeling simplifications may be permissi-
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ble for certain soil–water environments. For example,
Scow and Hutson [66] and Simoni et al. [69] note that
sorption and mass transfer limited systems can support
the assumption of first-order biodegradation rates. As
was further elucidated here, however, the modeling re-
sults for such systems will show more sensitivity to the
representation of sorption, mass transfer, and also to
co-solute effects on their abiotic processes. The reverse
is also true: In environments with low sorption and mass
transfer constraints, an equilibrium, linear sorption–
desorption model may be sufficient, while a more com-
plex biodegradation model component that accounts
for cometabolism is needed to fully capture the system
behavior. Models that simplify all components of sorp-
tion, mass transfer, and biodegradation are justified only
when solute concentrations are relatively low and when
all processes are rapid relative to the time scale of inter-
est (such as the time of advection). This latter situation
will be rare in the subsurface unless advection is imprac-
tically slow, and this is especially true for strongly sorb-
ing contaminants and where a prediction of total mass
removals (rather than only reductions in aqueous con-
centrations) is required.

The accounting for co-solute effects on one process
will often increase the model sensitivity to other pro-
cesses. For example, considering co-solute influences
on sorption and mass transfer may necessitate a more
complicated representation of biodegradation because
competitive sorption often leads to reduced sorption
and mass transfer constraints (faster desorption) and
thus greater sensitivity to the biodegradation compo-
nent. The dependency of the cometabolite degradation
on the utilization of the primary growth substrate means
that simulations of the cometabolism of a nongrowth
substrate will have greater sensitivity to simplifications
of the biodegradation component than will similar sim-
ulations for the primary growth substrate. In particular,
this study shows that the use of first-order biodegrada-
tion rate models for a cometabolite may substantially
deviate from more complex models, even in scenarios
where a first-order model is justified for the primary
growth substrate.

Bioavailability plots of a characteristic mass transfer
rate coefficient (amt) versus a characteristic biodegrada-
tion rate coefficient (abio) are useful for assessing the rel-
ative sensitivities to model components and evaluating
how bioavailability and sensitivity change with time.
These plots show that biodegradation rates quickly in-
crease at early times, while mass transfer rates for sys-
tems with nonlinear sorption decrease with time. As a
result, model simulations will be most sensitive to the
biodegradation component at early times and show
increasing sensitivity to mass transfer at later times. Fu-
ture work should more rigorously explore how modeling
sensitivity is affecting the specific parameters of a given
system and how these change over time. A remaining
challenge is to define how this sensitivity can be quanti-
tatively measured and defined for real systems and for a
wide range of solutes. Although it is expected that the
results shown for these batch systems are valid for ‘‘vol-
ume elements’’ of field-scale systems, real systems will be
of larger volume and show slower mass removal rates
than the batch-scale simulations conducted here.

Finally, even though these simulations were couched
in environmentally relevant scenarios and the models
spanned a range of complexities, all models still simpli-
fied or neglected numerous process complexities that can
influence contaminant persistence in the subsurface.
Factors that were not explored here include both parti-
cle-scale heterogeneities (geometry, shape, internal sorp-
tion and pore structure) and large-scale heterogeneities
(clay inclusions and preferential pathways). All such het-
erogeneities will add complexity to accurately represent-
ing sorption, mass transfer, and also the transport of
oxygen and nutrients to zones of biomass growth. These
factors will be particularly important in advective envi-
ronments and under conditions where solutes transport
at different rates. Nevertheless, the results presented in
this study can help guide the selection of an appropriate
level of model complexity for some systems and also
serve as a more general basis for quantifying and dis-
cussing the factors influencing bioavailability and model
sensitivity.
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